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In subsurface bioreactors used for tile drainage systems, carbon sources are used to
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was passed through the bioreactor at several flow rates. For the tests with creek water,
complete (100%) nitrate reduction and approximately 10-40% nitrate reduction were
observed at high retention times and at low retention times, respectively. The model
CXTFIT2, developed by Toride et al. (1999, Research report No. 137, U.S. Salinity Lab., ARS,
USDA, Riverside, California), and an analytical solution introduced by van Genuchten and
Alves (1982, Technical Bulletin No. 1661, U.S. Salinity Lab., USDA, Riverside, California)
were used to investigate the assumptions that the reactions obeyed first- and zero-order
kinetics. The results revealed that the assumption of first-order reaction kinetics resulted
in closer agreement between the model results and the data. However, the estimated
reaction terms varied over a factor of 5. These variations were not improved with the single
parameter estimation. From these laboratory-scale bioreactor studies, it was concluded
that the assumptions of first-order decay for nitrate transport are justified for each single
run, and that woodchip-based bioreactors may be suitable for significant nutrient reduc-
tion from agricultural fields, artificially drained by tile drain systems.
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Nomenclature Ne effective porosity
L . - R reaction term, k,C, for a first-order reaction; k, for
S rate-limiting substrate concentration, mgl .
k . fic rate of substrate utilisati a zero-order reaction
maximum specific rate of substrate utilisation .
m hot p ! kq first-order decay coefficient, h?!
. . . . ko zero-order decay coefficient, mgl *h~?
X concentration of microorganisms, mgl . . .. 1
. . a Ke effective hydraulic conductivity, cm s
Ks half saturation concentration, mgl . .
. . .. e AH head difference over a column of porous media,
X distance in the longitudinal direction, cm om
t elapsed time, h
. . 1 1L column length, cm
C nitrate concentration, mgl _ . 1
L . . 2. —a U pore water velocity, cm s
D hydrodynamic dispersion coefficient, cm~s .
. 1 ty travel time, h
q Darcy velocity, cm s . ..
o dispersivity, cm
1. Introduction required to completely reduce one part of nitrate. Schipper

Nitrogen fertiliser is generally applied to crops to increase
yield. Applied nitrogen is transformed in the soil through
many processes, including nitrification and denitrification.
Nitrification, typically by chemoautotrophic bacteria, is the
oxidisation of ammonium to nitrate; denitrification, typically
by facultative bacteria, is the transformation of nitrate into
nitrous oxide or elemental N (Shah and Coulman, 1978).
Denitrification occurs under certain specific conditions: an
adequate supply of nitrates, an energy (carbon) source, and
a marginally anaerobic environment (Tiedje et al., 1989).
During this reaction, nitrate serves as a terminal electron
acceptor. However, the lack of an adequate energy source is
generally a limitation on the reduction of nitrate in ground-
water (Starr and Gillham, 1993).

Since nitrate is highly soluble and mobile, excess nitrate
that cannot be assimilated by plant life may be directly
released to groundwater and surface water, especially where
soils are artificially drained by subsurface (tile) systems.
Released nitrate can lead to environmental problems (e.g.,
eutrophication of rivers and lakes), contamination of raw
water supplies (e.g., methemoglobinemia in infants - Comly,
1987), and deterioration of water quality (Goolsby and Batta-
glin, 2000). Nitrates delivered from the Mississippi River Basin
to the Gulf of Mexico have contributed to hypoxia (defined as
dissolved oxygen concentrations less than 2 mg1~?) in the Gulf
of Mexico. Nitrogen fertilisers and mineralised soil nitrogen
were determined to be the main sources of nitrate flowing
from the Mississippi River Basin to the Gulf of Mexico (Goolsby
et al., 1999, Rabalais et al., 2002).

Several substances such as sucrose (Sison et al.,, 1995),
methanol (Wang et al., 1995; McCleaf and Schroeder, 1995;
Reising and Schroeder, 1996), and glucose (Shah and Coul-
man, 1978) have been used as carbon sources to stimulate
denitrification. Solid carbon sources such as sawdust (Rob-
ertson and Cherry, 1995; Schipper and Vojvodic-Vukovic,
1998; Bedessem et al., 2005) and shredded newspaper (Volo-
kita et al., 1996) have been also used. Wang et al. (1995)
reported that the optimal pH for nitrate degradation at 30 °C
was between 7.4 and 7.6, and the optimal temperature for the
process was approximately 38 °C. Shah and Coulman (1978)
reported that the denitrification process can be described by
a first-order reaction, and that three parts of glucose were

and Vojvodic-Vukovic (1998) reported that the total concen-
tration of carbon did not decrease significantly over time, in
spite of a decline of the availability of the remaining carbon.
Blowes et al. (2000) used permeable reactive barriers con-
taining solid-phase organic carbon in the form of municipal
compost, and reported that the barriers removed inorganic
contaminants and dissolved nutrients. Robertson et al. (2007)
reported that high nitrate reduction (6-99 mg[N]1™* uvs.
<0.1mg[N]1™!) was observed in a permeable reactive layer
using wood particles.

Research has been conducted on the use of bioremedia-
tion to reduce nitrate from tile drains for the past two
decades. Janes et al. (2008) reported that 55% of nitrate
reduction rate was observed in their denitrification wall
provided woodchips as a carbon source. Blowes et al. (1994)
used organic carbon (tree bark, woodchips, and leaf compost)
for their pilot systems, and concluded that the conditions of
nitrate removal were more rapidly established in the reactor
with the mixed organic substances (sand, grow-bark, wood-
chips, and leaf compost) than a single source of organic
carbon, grow-bark. Greenan et al. (2006) used cornstalks,
cardboard fibres, woodchips with oil, and woodchips alone
for their laboratory study. They found that cornstalks as
a carbon source were most effective among those
substances, and that the reduction rates of nitrate for
woodchips were steady over the experiments. Furthermore,
they reported that a significant increase in reduction rate
was observed by adding soybean oil to woodchips over
woodchips alone. Wildman (2002) evaluated the rate of
nitrate removal of field-scale bioreactors with woodchips and
a mixture of woodchips and gravel. It was reported that
nitrate was reduced at a low rate ranging from 3 to 11% for
the first few months after the installation of the bioreactors,
and that after this period, the reduction rate increased to
95%. These studies have been devoted to determining the
feasibility of carbon sources for bioreactors or the nitrate
reduction rates of bioreactors.

Research on permeability of woodchip-based bioreactors
has been conducted. Robertson et al. (2005) proposed a more
efficient design for permeable reactive subsurface barriers
(PRBs) through a modelling approach. van Driel et al. (2006)
estimated effective porosity and hydraulic conductivity of
wood-based bioreactors, and reported that the values of those
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parameters for a lateral flow reactor were approximately 0.7
and 1.2+ 10 cm s~ %, respectively. However, transport param-
eters such as hydrodynamic dispersion coefficients (or dis-
persivity) and reactive coefficients (first- or zero-order decay
coefficients for nitrate reduction) are needed to characterise
nitrate transport, since nitrate transport through bioreactors
is a reactive process.

Monod kinetics can be used to represent substrate uti-
lisation rates in porous media (Monod, 1949; Lawrence and
McCarty, 1970; Rifai and Bedient, 1995; Hughes, 1999):

ds kmXS
dt” K. +S (1)

Where S is a rate-limiting substrate concentration, ky, is
maximum specific rate of substrate utilisation, X is a concen-
tration of microorganisms, and K is a half saturation
concentration.

Depending on substrate concentration, the substrate uti-
lisation can be simplified as follows:

For low substrate concentration (S < <Ks), pseudo first-
order conditions prevail

dS  knm

a - K—SXS 2

For high substrate concentration (S > >Ks), pseudo zero-
order conditions prevail
—% =kmX (3)

Monod kinetics have been used to describe denitrification
(Shah and Coulman, 1978; Dincer and Kargi, 2000). For deni-
trification, a first-order reaction (Parker et al., 1976; Shah and
Coulman, 1978; Novotny and Olem, 1994) and a zero-order
reaction (Ros, 1995; Robertson and Cherry, 1995; Volokita et al.,
1996; Bedessem et al., 2005; Greenan et al., 2006) has been
assumed.

The objectives of this study were to investigate the val-
idity of first- and zero-order reactions for a laboratory-scale
bioreactor, and to estimate flow and transport parameters
(i.e. hydraulic conductivity, effective porosity, dispersivity,
or first- and zero-order decay coefficients) for a laboratory-
scale bioreactor. These parameters could then be used to
improve the operation and the design of field-scale
bioreactors.

2. Methods and materials
2.1. Experimental data

To achieve better control and more cost-efficient observation,
a laboratory-scale bioreactor (Fig. 1) was designed to simulate
nitrate transport through field-scale bioreactors at a scale that
reduces the scale-differences in dispersivity values reported
by Gelhar et al. (1992). The reactor was set up to estimate the
flow and transport parameters that are commonly used in
reactive transport models in a laboratory of the Department of
Agricultural and Biological Engineering, University of Illinois,
USA. It consisted of a polyvinyl chloride (PVC) pipe (0.25 m in
diameter and 6.1 m in length) filled with woodchips, with
drainage control structures attached to the inlet and outlet.
The water flow rate through the bioreactor was regulated by
adjusting the water levels in the drainage control structures,
and was determined by measuring the volume of water that
flowed through the outlet in a specified time. The overflow
pipe in Fig. 1 was used to maintain a constant upstream head,
and was not used in the calculation of flow rate.

For this study, woodchips used as a carbon source were of
mixed species with a bulk density of 0.2 gml™* and an overall
size range of 0-5.1 cm in length, and a mass-mean screened
size of 1.3 cm. The size distribution by weight was: 2.5-5.1 cm:
4.2%, 1.3-2.5 cm: 32.5%, 0.6-1.3 cm: 33.8%, and <0.6 cm: 29.5%.
The woodchips were packed by standing the 0.25-m PVC pipe
on end while filling and running water downward through
them, which further packed them. Ten sampling ports were
installed along the length of the bioreactor for collecting water
samples that were analyzed for nitrate concentration. Two
sampling ports were located in the inlet and outlet to deter-
mine system-wide variations in nitrate concentrations, six
sampling ports were installed at 0.87 m intervals along the
PVC pipe to obtain sectional profiles of nitrate concentrations,
and two sampling ports were placed at the end of the PVC
pipe, one on top and one in the centre, to check the possibility
of by-pass flow, due to slumping, along the top inside edge of
the pipe. All of the ports, with the exception of the port on top
of the pipe at the outlet (i.e. 6.1 m from the inlet of the
bioreactor), were installed to collect water samples at the
middle of the woodchip column. That additional port
collected water from the edge of the pipe. The data from the

Inlet drainage control Outlet drainage control
structure structure
Pump .- Constant head -------——________
g _- Stop logs ~___

,//VVoodchip-filled

TR
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Over flow|

Nitrate solution tank

o Center-screened sampling port

~-="" " 0.25 m PVC pipe
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Over flow

A Edge-screened sampling port

Fig. 1 - Schematic of the laboratory-scale bioreactor.
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two outlet ports were used to test the significance of differ-
ences of concentrations across the flow cross-section. The
Wilcoxon Paired-sample test (Wilcoxon, 1945) was used for
this investigation with the R 2.8.1 statistical package (R
Development Core Team, 2008). The test is an alternative non
parametric test of paired t-tests, and requires no a priori
assumptions about data distributions. The initial intent was to
use tile drainage water for this research so that microbial
cultures similar to those in the field-scale bioreactors could be
formed. However, because of dry weather, little tile flow water
was available during the course of the experiments, and creek
water and deionised water were used in this study. Blowes
et al. (1994) reported that the chemical constituents of tile
outflow and the stream water employed in their study were
similar. Creek water was collected at a place on the Embarrass
River (520 m east of First Street and 305 m south of Windsor
Road, Champaign, IL) and mostly one day before each
run from 2 pm to 5pm (31/10/2006, 07/11/2006, 13/11/2006,
and 16/11/2006 are for 01/11/2006, 08/11/2006, 14/11/2006, and
17/11/2006, respectively) except for the run on 06/11/2006
(collected on 03/11/2006). Nitrate concentration of the
collected creek water varied from below the detection limit,
which was 0.07mg[N]1%, to 1mg[N]1™* which was lower
than that of tile outflow. This lower nitrate concentration may
be explained by considering that the creek receives urban
runoff which then passes through a stilling pond just
upstream of the abstraction point. For this study, potassium
nitrate (KNOs) was added to the creek water and deionised
water to replicate the range of the nitrate concentrations
measured in tile drain outflow. The targeted upper concen-
tration limit for nitrate was 39mg[N]1™* based on field
measurements reported by Mitchell et al. (2000). Approxi-
mately 9501 of creek water and deionised water were passed
through the bioreactor for each run. The 9501 of creek or
deionised water represents approximately 4.4 times the pore
volume of the bioreactor. This amount of creek water could be
pumped into the bioreactor for approximately 48 h for the
runs on 08/11/2006 and on 14/11/2006. Before each run, the
bioreactor was flushed with approximate 3801 of creek or
deionised water to initialise the nitrate concentrations of the
bioreactor. At each sampling event, 100 ml of water were
collected from each sampling port. The samples were preserved
with concentrated sulphuric acid (0.2 ml), and stored at4 °C until
they were analysed by EPA Method 353.1 (EPA, 2001). The
woodchip column bioreactor was installed in an indoor facility
whose temperature was maintained at approximately 20-25 °C
over the experiments. During the period between creek water
and deionised water experiments, the column was constantly
saturated in an attempt to maintain anaerobic conditions.

The experimental data for creek water are summarised in
Table 1. The pH and temperature of the creek water ranged
from 7.5 to 7.9 and from 13.0 to 18.8 °C, respectively. This was
within the optimal pH range of 7.0-8.2 (Painter, 1970) for
denitrification. The measured temperatures were also within
the range of 5-30 °C, the range over which Timmermans and
van Haute (1983) reported observing the process of denitrifi-
cation. The measured ranges of these parameters in the creek
water employed in this study indicate that the process of
denitrification may not have been significantly inhibited. The
head differences and sampling intervals in this study were

determined by considering the inlet tank size. By using stop
logs to set overflow levels in both the inlet and the outlet
drainage control structures, constant head differences of
15-68 mm were generated. The water samples were collected
at 1-4 h intervals as specified in Table 1.

The experimental data for deionised water are also pre-
sented in Table 1. Deionised water was used as a feedstock in
another experiment to investigate, by difference, any poten-
tial effects of sediment in the creek water, and to investigate
changes in flow and transport parameters after a significant
period of inactivity. The runs on 12/06/2007 and on 21/06/2007
were set up with similar initial and boundary conditions,
while the flow rate through the system for the run on 13/06/
2007 was set lower to examine the difference in biofilm
formation between high flow rate and low flow rate (i.e. high
retention time and low retention time). The pH and temper-
ature for all three runs were close to the optimal values for
denitrification.

2.2. Governing equation

In studies of porous media, it is most often assumed that the
nitrate is always dissolved and mobile (i.e. the retardation
factor Rq=1) (Novotny and Olem, 1994). Under this assump-
tion, the one-dimensional transport can be described by the
following governing equation:

aC  d(q 8 [ aC

5= o)+ elP) R @
where x is the distance in the longitudinal direction, t is
elapsed time, C is the nitrate concentration, D is the hydro-
dynamic dispersion coefficient (sum of molecular diffusivity
and mechanical dispersion coefficient), q is the Darcy velocity,
and n, is the effective porosity. R, the reaction term, for a first-
order reaction, is k;C, where k; is the first-order decay coeffi-
cient. For a zero-order reaction, R would be kq, where kg is the
zero-order decay coefficient.

2.3. Parameter estimation

Hydraulic conductivity is a fundamental parameter in
groundwater modelling. The (effective) hydraulic conductivity
can be obtained from Darcy’s equation:

AH

T ©)
where q is the Darcy velocity, K. is the effective hydraulic
conductivity, AH is a head difference over a column of porous
media, and L is the column length.

The model CXTFIT2 (Toride et al., 1999) was used for the
first-order reaction assumption for the denitrification through
the bioreactor. Solutions for infinite boundary conditions are
generally used to describe breakthrough curves at the outlet of
finite boundary cases (Bear, 1979) with an assumption that the
outlet boundary does not affect upstream solute concentra-
tions (Parker and van Genuchten, 1984). Third-type inlet
conditions and infinite outlet conditions were used for both
first- and zero-order reaction assumptions.

Since the model CXTFIT2 does not provide an inverse
problem for zero-order reaction, an analytical solution

q=Ke
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Table 1 - Creek water experimental data. (a) Creek water experiment and (b) deionised water experiment

Dateofrun pH Temperature, °C NO5-N Input NOs-N  Initial NO5-N Head Sampling
of water after KNO3 in the difference, cm interval,® h
in the tank added,? bioreactor?
before KNO5 mg[NOs-N]1I™!  mg[NO,s-N]1-*
added, mg[NO5-N] 1!

01/11/2006® 7.8 16.0 0.3 11.2 0.2 4.4 1
06/11/2006® 7.6 17.5 0.8 10.4 0.7 6.8 1
08/11/2006® 7.9 18.0 0.5 8.0 0.4 15 3-4
14/11/2006® 7.7 18.8 <D.L¢ 25.7 <D.L¢ 15 3-4
17/11/2006® 7.5 13.0 1.7 31.5 17 6.3 1
12/06/2007® 6.8 25.8 <D.L¢ 23.0 <D.L¢ 6.5 1
13/06/2007® 6.8 25.6 <D.14 33.7 0.1 1.5 3-4
21/06/2007® 7.0 25.6 <D.L¢ 21.1 <D.L¢ 6.5 1

a C(x=0,t>0)=C,.
b C(x>0,t=0)

=C;, These concentrations were after flushing and before pumping into the bioreactor.

c Samples were taken at 20-30 min intervals for the first hour of each run.

d Below detection limit (0.07 mg [NO5-N]17%).

(van Genuchten and Alves, 1982) was used for the zero-order
reaction assumption. For the implementation of a computer
model, an approximate solution was used, given as:

C(x,t) = Ci + (Co — CA(X, ) + B(x, 1) (6)
A(x,t) :}erfc [;:/E} +\/%exp —(X;tht)

U Ut UX X+Ut
2<1+D+ ) )exp(ﬁ)erfc 2\/ﬁ}
UL (2L—x+0t)?

402t
+1/ D{1+4D(2L x+ut)]exp D 4Dt

30t U(2L—x+Ut)°
2L —x+ 5+ D

exp( )erf {21“2\;(11}1 7)

B(x,t) = ko {t+ !

U\C‘l

t 2D
2_( }4’ F(x+ut+?)

o]

X — Ut
—Ut+2
XDt + Berfel

(x — Tt)?
4Dt

t D (x+zt)

2 212 + 4D
exp (;) erfc \/_} - %exp [@]

erfCFL;jﬁUt] N 211312{1_ (2L7x)

- UL
(2L — x + 3ut) + 6D3(2L —X+7t) } exp (E)

exp

D 2DZ(2L — X+ 7Tt)

2L — x + Ut
erfc|——| — 1+ 2L — x4 7Ut
e R )
UL (2L —x+7Tt)°

+—2(2L X +0t)° Dtex
6D? V= P|D 4Dt

where C(x,0) = C;, (— DE +UC)|,_o=Co, and U= ni

e

o

A nonlinear least-squares technique for fitting the analy-
tical solution to the observed breakthrough curves was used
to estimate the hydrodynamic dispersion coefficients
(or dispersivity) and the zero-order decay coefficient of the
laboratory-scale bioreactor. The parameters were determined
by minimising the sum of squared residuals.

The validity of both first- and zero-order reaction assump-
tions was investigated by comparing with the observed
breakthrough curves. ¥, D, and k; or ko were estimated by the
model CXTFIT2 or the analytical solution (Egs. (6)-(8)) (three
parameters estimation). Also, k; or ko was estimated by the
model or the analytical solution with setting a fixed « as an
average dispersivity « for better assumptions between first-
and zero-order reaction assumptions. This is denoted as
single parameter estimation. This additional estimation was
conducted to investigate if the single parameter estimation
provided more consistent reaction terms (k; or ko). Effective
porosity ne can be calculated with travel time t, (i.e. retention
time), the length of the bioreactor L, and Darcy’s velocity q, with
the following expression:

qt

n,— 12 ©)

Travel time of solute can be estimated as a point of inflection
of a breakthrough curve (Freeze and Cherry, 1979). The travel
time of solute can also be obtained by dividing the length of the
bioreactor LbyU. Both estimated travel times were compared. D
can most often be assumed as a xU for high flow rates.
Therefore, the reaction terms will be the only unknown in
Eq. (4), assuming a value of a. For the three parameters
estimation, Sim_first3 and Sim_zero3 were denoted for the
first- and zero-order reaction assumptions, respectively, and for
the single parameter estimation, Sim_firstl and Sim_zerol for
the first- and zero-order reaction assumptions, respectively.

3. Results and discussion
3.1 Concentration profiles

The by-pass effect was investigated separately for the creek
water and deionised water experiments, because they were
performed approximately seven months apart. Fig. 2 shows
the comparison of the nitrate concentrations from the center,
with those from the edge of the woodchip column. The slope
of the fitted line for the creek water experiment was close to 1
and the coefficient of determination (R? of the fitted line was
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Fig. 2 - Comparison of the nitrate concentrations from the
centre and the edge of the woodchip column (D.I water:
Deionised water).

0.97, with the p-value of the Wilcoxon Paired-sample Test
being 0.676. For the deionised water experiments, the slope
and the coefficient of determination (R?) of this graph were
approximately 1 and 0.98, respectively, and the p-value for the

Q

Retention time=15.6 h

Nitrate concentration
(mg [NO5-N] I'")

= 4 = 1 —
0 1 2 3 4 5 6 7

Distance (m)
Elapsed time

—=1.4h—a84h—x—204h—e47.4h |

(<)
]

Retention time=19.2 h

Nitrate concentration

3 4 5 6 7
Distance (m)

Elapsed time

[-#=—2.0h—a—6.0h —x—14.0h —+—18.0h —32.0h]|

Fig. 3 - Nitrate concentration profiles of runs on (a) 08/11/
2006 and (b) on 14/11/2006.

Wilcoxon Paired-sample Test was 0.458. These results indi-
cate that there was no significant difference in concentration
between the edge and the center of the PVC pipe, and there-
fore, no significant by-pass flow.

The two nitrate concentration profiles for the creek water
runs which were not used for the estimation of the flow
parameters of the bioreactor are shown in Fig. 3. Complete
(100%) nitrate reduction was observed at low flow rates for
influent concentrations of 10.4mg[NO3;-N]1"* and
25.7 mg [NOs-N] 1! (Fig. 3a and b, respectively), while 10-40%
nitrate reductions were measured at relatively high flow rates
(Fig. 4). This result is consistent with earlier findings sug-
gesting that more than eight hours of retention time was
required for complete nitrate reduction (Doheny, 2002). The
removal of nitrate through the bioreactor was similar to that
(3040%) of wood-based reactors by van Driel et al. (2006).
Blowes et al. (1994) reported that 2-6 mg [NO3;-N] 1~ reduced to
less than 0.02 mg[NOs-N]17* through organic carbon served
barrels. However, this result was at much longer retention
times (up to 2 weeks). For the first deionised water run
(Fig. 4d), the retention time was 2.7 h, and there was no
appreciable reduction in nitrate concentration. This is most
likely due to the absence of microbes in the deionised water to
inoculate the bioreactor. The retention time for the second
deionised water run was 12.1 h. However, once the biofilm
was formed during the second run, a retention time of 2.9 hin
the third deionised water run resulted in about a 20% decrease
in nitrate concentration (Fig. 4f).

3.2 Flow parameters

Flow rates at the outlet are presented in Table 2. These flow
rates were taken at irregular intervals, and not all measured
flow rates are presented. As shown in Table 2, the flow rate
increased over time for the runs with inlet/outlet head
differences of 6.3, 6.5, or 6.8 cm of head difference over the
run, and decreased for the runs with 1.5 cm of head difference.
This tendency may be indicative that stable biofilms were
formed at low flow rates (i.e. 1.5 cm of head difference), and
that biofilms may be washed off at high flow rates (i.e. 6.3, 6.5
or 6.8 cm of head difference). At high flow rates, it is possible
that woodchip fines will be washed off, leading to higher
porosity and conductivity. However, we observed no appre-
ciable change in overall head difference at the same
throughput rate between the beginning and the end of the
whole set of experimental runs.

Table 2 summarises the hydraulic parameters of the labo-
ratory-scale bioreactor. The flow rate, Darcy’s velocity, and
effective hydraulic conductivity were determined by averaging
observed data. The effective hydraulic conductivity ranged
from 2.7 to4.9 cm s . These results were similar to the effective
hydraulic conductivity estimated by van Driel et al. (2006). At
comparative flow rates, the effective hydraulic conductivity of
the deionised water experiments exceeded those of the creek
water experiments. The effective hydraulic conductivity of the
bioreactor decreased with successive runs for both the creek
water and the deionised water experiments. These results may
indicate that there was significant microbial growth in the
bioreactor as the experiments proceeded. Several researchers
have suggested that biofilm formation leads to the reduction of
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Fig. 4 - Comparison of the observed and fitted normalised concentrations for creek water experiment (a) 01/11/2006,
(b) 06/11/2006, and (c) 17/11/2006) and deionised water experiment ((d) 12/06/2007, (e) 13/06/2007, and (f) 21/06/2007)
(Obs.: observed data, Sim_first3: simulated data from three parameters estimation (pore water velocity v, hydrodynamic
dispersion coefficient D, and first-order decay coefficient k,), Sim_firstl: simulated data from single parameter
estimation (k,), Sim_zero3: simulated data from three parameters estimation (v, D, and zero-order decay coefficient ko), and
Sim_zerol: simulated data from single parameter estimation (ko), «: dispersivity, and R*: coefficient of determination.

hydraulic conductivity in bioreactors (e.g., Taylor et al., 1990;
Dennis and Turner, 1998; Daniels and Cherukuri, 2005). Since
the deionised water and the creek water experiments showed
the same trends, sediments in the creek water may be not
a factor in the decrease of hydraulic conductivity. The variation
in conductivity for the deionised water experiment was smaller
than that for the creek water experiment. A possible explana-
tion is that the creek water experiment was carried out over
a longer time period than the deionised water experiment.

3.3. Transport parameters

The three creek water runs (01/11/2006, 06/11/2006, and
171/11/2006) with observed breakthrough curves at the

outlet, and the three deionised water runs were used to
estimate transport parameters for the bioreactor. The
model CXTFIT2 and an analytical solution (van Genuchten
and Alves, 1982) were used to estimate U, D, and k; or ko
for first- and zero-order reaction assumptions, respec-
tively. The parameters were estimated by the models,
although the measured flow rates varied throughout
each run (Table 2). Since the variation in flow rate only
exceeded 10% for the relatively long runs (36 or 48 h), the
steady state representation of flow was deemed appropriate.

Table 3 summarises the estimated values for U, D, and k, or
ko with three parameters estimation. For the first-order reac-
tion assumption (Sim_first3), the estimated retention times by
dividing the length of the bioreactor L with U were nearly
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Table 2 - Measured flow rates of the laboratory-scale bioreactor. (a) Creek water experiment and (b) deionised water

experiment

Date of run Head Number of hours Flow rate, Darcy’s velocity, Effective hydraulic
difference, cm after start, h mls?! cms ! conductivity,® cm s~*

01/11/2006® 4.4 0.5 14.3 0.03 3.90
6.8 14.4 0.03 3.95
12.8 12.7 0.02 3.46
06/11/2006® 6.8 0.5 20.1 0.04 3.56
3.3 20.9 0.04 3.71
8.3 20.8 0.04 3.68
08/11/2006® 1.5 3.4 44 0.01 3.57
20.4 42 0.01 3.40
44.4 3.8 0.01 3.06
14/11/2006@ 1.5 2.0 43 0.01 3.47
13.0 3.5 0.01 2.80
48.0 3.1 0.01 2.52
17/11/2006® 6.3 1.0 13.1 0.03 2.50
6.0 14.6 0.03 2.78
11.0 15.4 0.03 2.94
12/06/2007® 6.5 0.5 24.8 0.05 459
4.1 27.1 0.05 5.01
6.1 28.0 0.06 5.19
13/06/2007® 1.5 0.5 6.8 0.01 5.48
23.0 5.6 0.01 4.52
36.0 5.3 0.01 4.28
21/06/2007®) 6.5 0.1 24.3 0.05 4.50
3.0 24.2 0.05 4.48
9.0 26.9 0.05 4.97

a Averaged values over each run were used for the model CXTFIT2.

identical to the points of inflection of the corresponding
observed breakthrough curves (Fig. 4). However, for the zero-
order reaction assumption (Sim_zero3), these retention times
did not well match the points of inflection of the observed
breakthrough curves. The estimated retention times were
lower for the zero-order reaction assumption than for the
first-order reaction assumption. This can be explained by

considering that the estimated pore water velocities were
faster for the zero-order reaction assumption than for the
first-order reaction assumption.

The effective porosity of the bioreactor, ne, was estimated
with Eq. (9). As summarised in Table 3, the effective porosity of
the bioreactor, ne, ranged from 0.75 to 0.86 for the first-order
reaction assumption (Sim_first3). This high range may

Table 3 - Estimated flow and transport parameters of the laboratory-scale bioreactor with three parameters estimation. (a)

Creek water experiment and (b) deionised water experiment

Date First-order reaction assumption Zero-order reaction assumption
nd t,°h 7ems! Dfem?s? ofem  ky,®h' nd t,°h GScms ! Dfcm?®s ! ofem kofmglth?

01/11/2006® 0.75 4.6 0.04 0.69 18.65 0.074 048 1.54 0.11 9.00 81.82 231
06/11/2006® 0.84 3.5 0.05 0.53 10.86 0.131 0.08 1.06 0.16 12.50 78.13 4.00
17/11/2006® 0.79 4.8 0.04 0.32 9.06 0.037 081 2.78 0.06 2.00 3279 201
12/06/2007® 0.82 2.6 0.06 227 35.17 1.0x10°°" 088 2.82 0.06 2.25 37.50 1.0 x 107"
13/06/2007®) 0.86 12.0 0.01 0.18 13.10 0.024 0.39 5.46 0.03 1.41 4548 1.75
21/06/2007®) 0.84 2.9 0.06 1.19 20.13 0.075 0.45 1.54 0.11 4.10 37.27 3.15

a Effective porosity.

b Retention time.

c Pore water velocity.

d First-order decay coefficient.

e Hydrodynamic dispersion coefficient.
f Dispersivity.

g Zero-order decay coefficient.

h Negligible.
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indicate the presence of secondary porosity in woodchips.
This range was greater than the range (0.48-0.65) measured by
Wildman (2002) in his study to estimate the effect of soil
overburden on the porosity of woodchips. However, this range
was close to the value of 0.7 obtained by van Driel et al. (2006).
The effective porosity inferred from the deionised water
experiment was higher than that from the creek water
experiment. This difference may be due to the decomposition
of small particles or the decrease of biofilm in the bioreactor in
the period between the experiments. However, for the zero-
order reaction assumption (Sim_zero3), n. varied with the
much wider range from 0.08 to 0.88. 0.08 of effective porosity
may not practically be observed in woodchip particles.

In this study, molecular diffusion may be negligible
because the flow rates and mechanical dispersion were
relatively high. Therefore, dispersivity can be represented as
the quotient of hydrodynamic dispersion coefficient to pore
water velocity. The dispersivity of the laboratory-scale
bioreactor ranged from approximately 9 to 30 cm and 30 to
80cm for Sim_first3 and Sim_zero3, respectively. These
ranges are within dispersivities of sandy aquifers. For
examples, 2-8 cm of dispersivity for fine to medium sand
(Schreiber and Bahr, 2002), 96 cm for medium to coarse sand
(Garabedian et al., 1988) were reported. However, the esti-
mated dispersivities of the bioreactor cannot be compared
because of the scale-differences in dispersivity values
reported by Gelhar et al. (1992). In fact, Pickens and Grisak
(1981) reported the scale-differences in dispersivity values
varied from 0.035cm (laboratory column tracer tests) to
50 cm (full-aquifer dispersivity from the two-well test). No
appreciable trend was observed in the estimated
dispersivities of the bioreactor. This result is inconsistent
with the result of Taylor and Jaffé (1990) who reported that
the dispersivity in their study increased as a result of
significant biofilm growth. This inconsistency could be
resolved by independent determination of the hydrodynamic
dispersion and the first-order decay coefficients by the
method of moments for step input cases as proposed by Yu
et al. (1999). The best-fit first-order decay coefficients varied
from approximately 0-0.13h~* and 0-4 mg 1"*h~? (Table 3).

Fig. 4 presents the comparison of the observed and fitted
breakthrough curves. In the early breakthrough (t<2h) of
nitrate in the creek water experiment (Fig. 4a—c), the models
except for Sim_zero3 predicted a slight decrease as the
observed concentrations decreased. This decrease was largest
at the highest estimated k; (the run on 06/11/2006) in creek
water experiment. Since the decrease occurred within one
residence time (e.g., 3.5h for the run on 06/11/2006), during
this time, pore water (e.g., 0.7 mg [N]1~* for the run on 06/11/
2006) seemed to contribute more to the breakthrough than
pumping water (e.g., 10.4 mg[N]1~* for the run on 06/11/2006).
The nitrate concentration could decrease with reaction (the
estimated first-order decay coefficient, k; was 0.131h77)
through the bioreactor before pumping water started to
contribute to the breakthrough. Pumping water seemed to
mainly contribute to the breakthrough only when the break-
through started to increase. However, in the deionised water
experiment, this phenomenon was not observed (Fig. 4d-f).
This phenomenon could be removed by flushing the biore-
actor with deionised water so that initial nitrate concentration

in the bioreactor was close to zero. In fact, the initial
concentrations of the bioreactor became similar to concen-
trations of the flushed creek water in these circumstances. For
example, 0.8 mg [NOs-N] 17 of creek water was used to flush
the bioreactor for the run on 06/11/2006, and 1.7 mg[NOs-
N]1? for the run on 17/11/2006 (Table 1). The initial NOs-N
concentrations were 0.7 and 1.1 mg [NO5-N] I"* for the runs on
06/11/2006 and 17/11/2006, respectively. Sudden drops in the
fitted breakthrough curves were observed for Sim_zero3 in
Fig. 4b and c. This result may indicate that the reaction terms
were overestimated for the zero-order reaction assumption at
the early breakthrough.

The average of the estimated dispersivities of the biore-
actor for the first-order reaction assumption (Sim_first3) was
used to investigate if the single parameter estimation
provided more consistent reaction terms. However, simula-
tions of the creek and deionised water experiments were split
to take the average of the dispersivities, since the range of the
dispersivities were narrower in each experiment and since
they were performed approximately seven months apart.
Values of 12.86 and 20.80 cm for the averaged dispersivities
were used for Sim_firstl and Sim_zerol, respectively. Pore
water velocities were calculated by dividing q by n. for the
first-order reaction assumption in Table 3, because the esti-
mated effective porosities better represent the retention times
than the points of inflection of the observed breakthrough
curves. Table 4 summarises the single parameter estimation,
for which the first-order decay coefficients were found to be
similar to those for the three parameters estimation. The
estimated zero-order decay coefficients were lower for the
three parameters estimation than for the single parameter
estimation. However, for the three parameter estimation and
the single parameter estimation, these reaction coefficients
ranged similarly over factors of 5 and 2 for k; and ko, respec-
tively, excluding the run on 13/06/2007.

As shown in Fig. 4, for the three parameter estimation, the
simulated breakthrough curves for Sim_first3 were better
fitted to the observed breakthrough curves than for Sim_-
zero3. The single parameters estimation did not provided
a better fit to the observed breakthrough than the three
parameters estimation. For the single parameter estimation,
the larger difference between the plateau of the simulated
breakthrough curves for Sim_zerol and the observed break-
through curves was observed where the larger reduction
amount of nitrate was observed. Since the slopes of the rising
part of the breakthrough curve represent the effect of
dispersion, and those for Sim_zerol are similar to those of
the observed breakthrough, the reaction terms can explain the
difference of the plateau. These differences imply that the
zero-order reaction assumption did not represent the reaction
through the bioreactor well.

Overall, the first-order reaction assumption was better at
explaining the nitrate reduction rate through the bioreactor
than the zero-order reaction assumption. This may be
explained by the reduced Monod kinetics, Eq. (2). Shah and
Coulman (1978) determined the half saturation concentration,
K, as 88 mgl~' in their experiments in which glucose was used
as a carbon source. We surmised that, despite the lower
molecular weight and higher degradability of glucose, more
microbes would be able to colonise the woodchip lattice,
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Table 4 - Estimated flow and transport parameters of the laboratory-scale bioreactor with one parameter estimation. (a)

Creek water experiment and (b) deionised water experiment

Date First-order reaction assumption

Zero-order reaction assumption

n t,°h 7, cms?* Dfem?®s ! ofem  ky,dh?

ned t,°h ¢ ems™! Dfem?s? ofcm k0Bmglth!

01/11/2006® 0.75 4.6 0.04 0.47 12.86 0.077 0.75 4.6 0.04 0.47 12.86 0.118
06/11/2006® 0.84 3.5 0.05 0.62 12.86 0.130 0.84 35 0.05 0.62 12.86 0.176
17/11/2006® 0.79 4.8 0.04 0.46 12.86 0.034 0.79 438 0.04 0.46 12.86 0.177
12/06/2007® 0.75 4.6 0.04 1.47 2280 1.0x10°°* 075 46 0.04 1.47 2280 2.0x 10"
13/06/2007® 0.84 3.5 0.05 0.32 22.80 0.023 0.84 35 0.05 0.32 22.80 0.146
21/06/2007® 0.79 48 0.04 1.34 22.80 0.074 0.79 438 0.04 1.34 22.80 0.316

a Effective porosity, estimated from three parameters estimation.
b Retention time, estimated from three parameters estimation.

c Pore water velocity, estimated from three parameters estimation.
d First-order decay coefficient.

e Hydrodynamic dispersion coefficient, dispersivity (f column) xU (c column).
f Dispersivity, average of values estimated from three parameters estimation.

g Zero-order decay coefficient.
h Negligible.

leading to higher ky,, and that K in woodchip-served systems
would be higher than in glucose served systems. Lobry et al.
(1992) reported a linear increase of Ks with ky, from their
mathematical approach for Monod kinetics and published
data. It was also assumed that the K; in woodchip-served
systems is sufficiently higher than the mean of nitrate
concentrations of tile outflow (13.5 mg [NOs-N]17%) reported by
Mitchell et al. (2000) so that the first-order approximation,
Eq. (2) could be valid. If the microbial concentrations are
constant once significant biofilm are formed, then the term,
(km/Ks)X in Eq. (2) can be reduced to a constant (i.e. a first-order
coefficient). Obviously, however, this constant is dependent
on microbial concentration, and thus may change with time
and position in the woodchip column.

4. Summary and conclusions

Alaboratory-scale bioreactor was designed to simulate nitrate
transport and transformation through field-scale bioreactors
at a scale that reduces the scale-differences in dispersivity
values reported by Gelhar et al. (1992), and was set up to esti-
mate the flow and transport parameters. For the creek water
runs, complete (100%) nitrate reduction and approximately
10-40% nitrate reduction were observed at high retention
times and at low retention times, respectively. This result
suggests that woodchip-based bioreactors may be suitable for
nutrient reduction from artificially drained agricultural field
by tile drain systems.

Flow and transport parameters were evaluated for a labo-
ratory-scale bioreactor. The computer model CXTFIT2 for the
first-order reaction assumption and an analytical solution
(van Genuchten and Alves, 1982) for the zero-order reaction
assumption were used to estimateV, D, and k; and ko. The
estimated effective porosities were more consistent and more
practically reasonable for Sim_first3 than Sim_zero3. The
estimated retention times were nearly identical to the points
of inflection of the observed breakthrough curves. The esti-
mated dispersivity values varied from approximately 9-30 cm
with no recognisable trend. The data observed were

consistent with an assumption of no appreciable sorption of
nitrate and a first-order decay coefficient ranging from
approximately 0-0.13 h™’.The results revealed that the first-
order reaction assumption yielded a better fit to the data than
the zero-order assumption. However, the estimated reaction
terms ranged over a factor of 5, excluding the run on 13/06/
2007. These variations were not improved by the single
parameter estimation. It was concluded that the first-order
reaction better explained nitrate reduction in the bioreactor.
However, further examination of the laboratory-scale biore-
actor experiment revealed that Eq. (2) may be needed to
represent continuous nitrate transport through bioreactors,
since the estimated reaction terms varied over each run.

A slight change in the permeability of bioreactors (i.e. wood-
chip column) was observed. However, over the long term, the
permeability of bioreactors may vary within a fixed range,
because the biofilm can be washed off at high flow rates, or, as
they thicken, may slough off due to attachment weakness, even
at moderate flow rates. The relationship between permeability
and retention time may be instrumental in determining the flow
rates at which the bioreactors are most efficacious. A further
study on this relationship is recommended.

This study does not address the question of how long the
woodchips, will last, and what happens as the supply of labile
carbon is consumed. It is recommended that this question
also be addressed in a future study. Such studies could include
micro-scale studies of single woodchips that probe the biofilm
and analyse labile carbon concentration within the woodchip.
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